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Abstract In regions with intensive agriculture nitrate is one of the most relevant contaminants in
groundwater. Denitriﬁcation reduces elevated nitrate concentrations in many aquifers, yet the
denitriﬁcation potential is limited by the concentration of available electron donors. The aim of this work was
to study the denitriﬁcation potential and its limitation in natural sediments. A column experiment was
conducted using sediments with elevated concentrations of organic carbon (total organic carbon 3,247 mg
C/kg) and pyrite (chromium reducible sulfur 150 mg/kg). Groundwater with high nitrate concentration
(100 mg/L) was injected. Measurements were taken over 160 days at ﬁve different depths including N- and
S-isotope analysis for selected samples. A reactive transport model was developed, which couples nitrate
reduction with the oxidation of organic carbon (heterotrophic denitriﬁcation) and pyrite (autolithotrophic
denitriﬁcation), and considers also transport and growth of denitrifying microbes. The denitriﬁcation
pathway showed a temporal sequence from initially heterotrophic to autolithotrophic. However, maximum
rates were lower for heterotrophic (11 mmol N/(L*a)) than for autolithotrophic denitriﬁcation (48 mmol
N/(L*a)). The modeling showed that denitrifying microbes initially preferred highly reactive organic carbon as
the electron donor for denitriﬁcation but were also able to utilize pyrite. The results show that after 160 days
nitrate increased again to 50 mg/L. At this time only 0.5% of the total organic carbon and 46% of the
available pyrite was oxidized. This indicates that denitriﬁcation rates strongly decrease before the electron
donors are depleted either by a low reactivity (total organic carbon) or a diminishing reactive surface possibly
due to the presence of coatings (pyrite).
1. Introduction
In intensively used agricultural areas nitrogen-based fertilizers have been applied now for decades with the
aim to raise soil productivity. Signiﬁcant amounts of nitrate can reach underlying aquifers due to leaching
through the soil and unsaturated zone, and thus can have negative effects for drinking water quality
(Böhlke, 2002; Böttcher & Strebel, 1987; Liao et al., 2012). Much effort has been dedicated in Germany to
improve the chemical status of the groundwater bodies in accordance with the EU Water Framework
Directive 2000/60/EC. However, investigations conducted in 2012–2014 showed that 28% of the aquifers still
contain nitrate concentrations above the Environmental Quality Standard of the Water Framework Directive
of 50 mg/L (BMUB and BMEL, 2016).
Denitriﬁcation reduces nitrate to N2 with intermediate production of nitrite and gases like NO and N2O. It
occurs under anaerobic conditions as respiratory process and reduces oxidized forms of nitrogen in response
to the oxidation of an electron donor. Denitriﬁcation is controlled by the availability of adequate reactive
electron donors (Hiscock et al., 1991; Kölle, 1984; Postma et al., 1991; Rohmann & Sontheimer, 1985; Smith
& Duff, 1988; Wisotzky et al., 2011; Zhang et al., 2009). If heterotrophic (hetero-chemoorganotrophic)
denitriﬁcation occurs, organic carbon (Corg) acts as the electron donor (Bradley et al., 1992; Bragan et al.,
1997; Smith et al., 1996; Starr & Gillham, 1993; Trudell et al., 1986). If autolithotrophic denitriﬁcation occurs,
sulﬁde mineral phases, such as pyrite (FeS2), act as electron donors (Kölle et al., 1983; Postma et al., 1991;
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Robertson et al., 1996; Strebel et al., 1985; Tesoriero et al., 2000). Furthermore, nitrate reduction by oxidation
of Fe(II)-rich clay minerals, such as smectite (Ernstsen, 1996; Hofstetter et al., 2002), Fe(II)-rich amphibole and
pyroxenes (Postma, 1990), and Fe(II),(III)-oxides/-hydroxides, such as magnetite or green rust (Hansen & Koch,
1998), has been observed in experimental studies.
In general, the energy yield of heterotrophic denitriﬁcation is higher than for autolithotrophic denitriﬁcation
(Stumm & Morgan, 1996; Wagman, 1982). However, Postma et al. (1991) proposed that in sandy aquifers and
under conditions with high total organic carbon (TOC) content (up to 3,600 mg C/kg) and low sulﬁde content
(230 up to 960 mg S/kg sulﬁde), autolithotrophic denitriﬁcation might be the relevant process for denitriﬁca-
tion. Pätsch (2006) and Konrad (2006) also observed that for microbial denitriﬁcation sulﬁdes served as the
favored electron donor compared to organic carbon in sedimentary aquifers. This was explained by the
low reactivity of the organic carbon in sediments, which mainly consist of wood residue. Therefore, not only
the total concentration of organic carbon but also its reactivity is the key factor to determine the relevant
denitriﬁcation process and rates. In addition, Böhlke et al. (2002) showed based on isotopic data that FeS2
and other Fe(II) phases act as major electron donors for denitriﬁcation. However, Tesoriero and Puckett
(2011) reported the highest denitriﬁcation rates if both electron donors, sulﬁde and organic carbon, are pre-
sent. These results demonstrate that although the reaction pathways of these denitriﬁcation processes are
well known, the kinetics of the reactions as well as the competition between the various processes involved
are still uncertain.
Currently, concentrations of SO4
2, Fe2+, and HCO3
 along the groundwater ﬂow path and redoxcline are
used as indicators for heterotrophic or autolithotrophic denitriﬁcation (Postma et al., 1991; Tesoriero et al.,
2000). However, other geochemical reactions within the aquifer can provide additional sources and sinks
for these species along the ﬂow path, e.g., dissolution of calcite or gypsum. Thus, using concentrations of
redox species as stand-alone indicators might result in erroneous conclusions. A well-established approach
to identify nitrate and sulfate sources and reduction rates is the comparison between the reactants and pro-
ducts of stable isotope ratios of oxygen, nitrogen, and sulfur (15N/14N, 34S/32S, 18O/16O; Aravena & Robertson,
1998; Groffman et al., 2009). Aravena and Robertson (1998) used multiple isotope tracers, including sulfur iso-
topes, to identify denitriﬁcation and to evaluate the importance of different electron donors. Knöller et al.
(2005) highlight that if the isotopic composition of the sulfur sources is known, the 34S/32S isotopic ratio
can be used to identify sulfur sources and the existence of sulﬁde oxidation from autolithotrophic denitriﬁca-
tion. This is possible since isotopic fractionation and thus isotopic enrichment does not occur during sulﬁde
oxidation (Seal, 2006; Vaughan, 2006), resulting in sulfate with an “isotopic ﬁngerprint” of the sulﬁde (e.g., pyr-
ite). In contrast to sulﬁde oxidation, isotopic fractionation occurs during nitrate reduction and reveals the
reduction rate as well as the activity of the microbial population (Frey et al., 2014; Knöller et al., 2011;
Wunderlich et al., 2012). Therefore, using a dual-isotope approach is a valuable tool to use information about
nitrate and sulfate sources to identify the key processes for denitriﬁcation (Knöller et al., 2011). Recent studies
(Böhlke et al., 2002; Strebel et al., 1992; Tesoriero & Puckett, 2011; Tesoriero et al., 2000; Zhang et al., 2012,
2009) show that at ﬁeld scale, the overall denitriﬁcation rates can be also determined by N2Excess using the
N2/Ar method.
A further suitable way to analyze denitriﬁcation processes is the use of reactive transport simulations. Current
numerical investigations of denitriﬁcation processes simulate nitrate reduction by organic carbon degrada-
tion based on the Monod approach. Some of those models do not consider in detail microbial growth
(Antoniou et al., 2013; Engelhardt et al., 2014), while others account for microbial growth and decay
(Clement et al., 1997; Rodríguez-Escales et al., 2016). Some investigations are based on laboratory studies
(Clement et al., 1997; Mastrocicco et al., 2011; Molins et al., 2015; Rodríguez-Escales et al., 2016), while others
analyze ﬁeld investigations (Engelhardt et al., 2014; Lee et al., 2009). A special case is the thermodynamic
approach which was employed by André et al. (2011) for their laboratory studies using thermodynamic fac-
tors similar to Monod factors and which account for changes in the thermodynamic equilibrium of the redox
reaction. Maggi et al. (2008) included reactions for all intermediate N species in a ﬁeld-scale modeling also
including the growth of microorganisms. Arora et al. (2016) modeled ﬁeld-scale heterotrophic denitriﬁcation
and autolithotrophic denitriﬁcation with Fe2+ and HS. Different reaction rates for N and O isotopes in nitrate
were included by Lehmann et al. (2003). Pyrite oxidation was simulated at the ﬁeld scale with a partly empiric
approach considering the concentration of pyrite, nitrate, and the pH value (Eckert & Appelo, 2002; Prommer
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& Stuyfzand, 2005). However, current published research does not consider (i) the effects of microbial growth
and death cycles for autolithotrophic denitriﬁcation, (ii) competitive oxidation of organic carbon and pyrite,
and often (iii) the transport of microorganisms is disregarded.
Denitriﬁcation irreversibly consumes electron donors, for example, sulﬁdes and organic carbon (Kölle et al.,
1983; Strebel et al., 1992). Recent ﬁeld investigations indicate increasing nitrate concentrations in drinking
water that might result from the depletion of the electron donors, and thus the denitriﬁcation capacity of
the aquifer (Bergmann et al., 2013; Hansen et al., 2011). However, the concentration, surface area, and spatial
distribution of the electron donors and kinetic reactive phases, for example, sulﬁdes and organic carbon, in
the aquifer systems, are typically not known in detail and difﬁcult to measure at the ﬁeld scale. Therefore,
ﬁeld-scale estimation of degradation rates and the prediction of ﬁeld-scale, long-term denitriﬁcation capacity
still remain difﬁcult. It continues to be an important task for current and future research to improve our
understanding about how long-term denitriﬁcation rates are affected by the availability and the spatial dis-
tribution of different electron donors. Our research focuses on the numerical analysis of laboratory column
experiments with sediments collected from an aquifer in a region intensively used for agricultural purposes
and strongly affected by groundwater with high nitrate concentrations to (i) identify key processes driving
denitriﬁcation in natural sediments, (ii) to provide parameter sensitivities and uncertainties employed in
the biogeochemical model, (iii) to assess the worth of additional isotopic measurements to characterize
the denitriﬁcation pathways, and (iv) to provide insight into denitriﬁcation during progressive depletion of
natural electron donors.
2. Materials and Methods
2.1. Laboratory Experiment
2.1.1. Field Site, Investigated Aquifer, and Sediments
Sediment samples were taken from the Hessian Ried (1,200 km2) that is located in the northern part of the
Rhine Graben, Germany. The sedimentary aquifer, which was investigated, consists of Quaternary permeable
sand and gravel layers separated by silt, clay, or silty ﬁne sand layers. Sediment samples were taken from a
borehole drilled within a small forest surrounded by agricultural ﬁelds. For the sample collection a borehole
was drilled using the inliner drilling method down to a depth of up to 60 m. The sediments in general consist
mainly of sandy to silty Quaternary eolian deposits.
The sediment samples for the column experiments are from a horizon of about 1.5-m thickness in 25-m
depth, which is characterized by a high portion of ﬁne content (silt and clay >40%, ﬁne sand >40%), a high
carbonate content (total inorganic carbon = 33 g/kg), and a dark gray brown color. The horizon corresponds
to a low permeable layer, which separates the aquifer into an upper (oxic, higher nitrate content) and a lower
(anoxic, lower nitrate content) part. The layer was chosen due to its high organic carbon (3247 mg C/kg) and
sulﬁde (150 mg S/kg) content.
Collected sediment samples were immediately stored in airtight PE-Al-composite bags under N2-gas atmo-
sphere. Samples were then frozen, freeze-dried, and stored at room temperature in the dark. Prior to labora-
tory analyses sediment samples were milled and pressed into pellets with a binder (Hoechst Wachs C, Merck
KGaA, Darmstadt, Germany) using a mass ratio of 4:1.
The content of total organic carbon (TOC) and inorganic carbon of the sediment was measured by sequential
combustion (Liqui TOC II, Elementar Analysensysteme GmbH, Hanau, Germany). The total elemental compo-
sition including total sulfur was measured using wavelength dispersive X-ray ﬂuorescence (AXS S8 Tiger 1K,
Bruker GmbH, Karlsruhe, Germany). The contents of sulﬁde and disulﬁde phases were quantiﬁed by the chro-
mium reducible sulfur (CRS) method (Canﬁeld et al., 1986; van der Veen, 2003), according to DIN51724–
2 (1999).
TOC, wavelength dispersive X-ray ﬂuorescence, and CRS methods were validated with synthetic sediment
samples prepared from acid-washed quartz sand and by adding varying amounts of elemental and organic
carbon, elemental sulfur, organic sulfur (cysteine; Carl Roth GmbH & Co. KG, Karlsruhe, Germany), and pyrite
(FeS2; Alfa Aesar GmbH & Co. KG, Karlsruhe, Germany). The validation was conducted to determine the limits
of quantiﬁcation for pyrite using the CRS method (18 mg S/kg) and for TOC using the sequential combustion
method (90 mg C/kg).
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2.1.2. Laboratory Column Experiments
Laboratory column experiments were conducted with Plexiglas tubes (wall
thickness of 5 mm) with a length of 51.5 cm, an inside diameter of 5 cm,
and Plexiglas plates at the top and bottom of the column with a thickness
of 1.5 mm. Packing of the sediments was conducted according to
DIN19528 (2009) to ensure a homogeneously packed column. In addition,
the column was wrapped in aluminum foil to protect the sediment from
contact with light to prevent algal growth. On the top and bottom of the
aquifer sediment sample a 0.5-cm layer of quartz-wool and a 2-cm
quartz-sand layer was added to ensure a homogenous ﬂow direction.
Water samples were collected at the outlet (A0) at the top of the column
and at four further sampling ports that were installed along the column
(A1 to A4) separated by a distance of 10 cm (Figure 1). Ports A1 to A4 con-
sisted of suction cups (ecoTech, Bonn, Germany) made of a porous poly-
mer tube with a pore diameter of 0.15 μm. A combination of circular
sealing rings, Teﬂon tape (PTFE), and self-sealing tape was used to seal
the column at the inlet and outlet and sampling ports. Water samples were
collected in burette bottles.
Water was injected with a multichannel peristaltic pump (MS/CA8–6) at the bottom of the column applying a
constant ﬂow rate of 0.031 mL/min. This ﬂow rate equals the mean ﬂow velocity in the Hessian Ried and
allowed for sufﬁcient contact time between the pore water solutes and the sediment. An upward ﬂow direc-
tion was applied tominimize negative effects of air inclusions, sidewall leakage, and preferential ﬂow paths or
the blocking of ﬂow channels by gas formation (Pätsch, 2006). Water samples along the column were taken
with Tygon® standard tubing with 0.38- and 0.51-mm internal diameter and Tygon® “two-stop tubing”with an
internal diameter of 0.64 mm (ISMATEC/IDEX Health & Science GmbH, Wertheim, Germany).
Before the start of the experiment the column was ﬁlled with carbon dioxide gas over a period of 2 hr to dis-
place atmospheric air from the pore space. Due to the higher solubility of gaseous CO2 compared to atmo-
spheric air in water a very high saturation with water was achieved with this method and oxygen was
displaced from the pore space.
In the next step an initial saturation with deionized water containing 50 mg/L NaCl and 125 mg/L of
MgSO4·7H2O was established.
After 37 days, during which 4.6 L of deionized water was applied (8.6 pore volumes) under fully saturated con-
ditions, geochemical equilibrium was achieved as indicated by constant hydraulic and chemical parameters
at the outﬂow. Then nitrate-enriched synthetic groundwater was added. The composition of the synthetic
groundwater equaled the typical groundwater composition in the Hessian Ried containing 50 mg/L of
sodium chloride (NaCl) and 125 mg/L of magnesium sulfate (MgSO4·7H2O). The synthetic groundwater
was enriched with 200 mg/L Ca (NO3)2·4H2O, which resulted in nitrate concentrations of approximately
100 mg NO3
/L. Finally, the column was purged with nitrogen 5.0 (purity: 99.999%) to produce
anaerobic conditions.
A conservative tracer test with bromide was performed to determine the transport parameters (effective
porosity, dispersivity) of the sediment. For this purpose, a sodium bromide solution was added to the
nitrate-enriched synthetic groundwater to produce a tracer pulse with a constant bromide concentration
of 10 mg/L.
Water samples were taken at the outlet every two to three days and at sampling ports A1 to A4 once a week.
At each port a maximum water volume of 6.5 mL was taken out simultaneously from the column using a
uniform pump rate of 0.031 mL/min. To maintain fully saturated conditions during the sampling the pump-
ing rate was increased to prevent unsaturated conditions and to reduce the risk of changes in the
ﬂow pattern.
Major ions (Li+, Na+, NH4
+, Mg2+, Ca2+, F, Cl, NO2
, Br, NO3
, PO4
3, SO4
2) of the water samples were
analyzed using ion chromatography (882 Compact IC plus, Metrohm, Germany) with a Metrosep C4–25/4.0
Figure 1. Experimental setup, location of the sampling ports A1–4, and the
outﬂow A0.
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column for cations and a Metrosep A Supp 5 250/4.0 column for anions. Hydrogen carbonate (HCO3 ) was
measured with titration using 10 mL samples, 0.1 N HCl, Methyl orange as indicator, and a Dosimat 665
(Methrom AG, Herisau). The iron and manganese concentrations were measured by atomic absorption
spectrometry using a ContrAA 300 (Analytik Jena, Jena). Standards with concentrations of 0.5, 1, 5, 10, 15,
20, 25, and 30 mg/L were used for calibration.
2.1.3. Isotopic Analyses of Water and Sediment Samples
Sulfur isotopes within the water samples were analyzed using sulfate, which was extracted as BaSO4 by
adding BaCl2. The sulﬁde, disulﬁde, and elemental sulfur were extracted from the sediment samples using
the CRS method. For this, acidiﬁed CrCl2 solution was added and the sediment sample was boiled over 2 h
(Canﬁeld et al., 1986; Fossing & Jørgensen, 1989). Resulting H2S was transferred by a N2 gas ﬂow into a zinc
acetate trap, precipitated as ZnS, and was then converted to Ag2S by addition of 0.1 M AgNO3 solution. BaSO4
or Ag2S was transferred to SO2 using a continuous ﬂow combustion technique coupled with isotope-ratio
mass spectrometry (delta S, Thermo Scientiﬁc, USA). Sulfur isotope signatures are reported in δ notation
(δ34S) as parts per thousand (‰) deviation relative to the Vienna Canon Diablo Troilite (VCDT) standard.
The overall analytical precision for sulfur isotope measurements was ±0.4‰. For normalizing the δ34S data,
the reference materials NBS 127 (BaSO4; 20.3‰ VCDT) and IAEA-S1 (Ag2S; 0.3‰ VCDT) were used.
Oxygen isotope analysis of BaSO4 samples was conducted with high-temperature pyrolysis at 1,450 °C in a
TC/EA that was connected to an isotope-ratio mass spectrometer (delta S, Thermo Scientiﬁc, USA) resulting
in an analytical precision of ±0.5‰. The results of oxygen isotope measurements are expressed in δ notation
(δ18O) as parts per thousand (‰) deviation relative to Vienna Standard Mean OceanWater. The normalization
of oxygen isotope data of sulfate was carried out using the reference material NBS-127 BaSO4 with an
assigned δ18O value of 8.6‰ (Vienna Standard Mean Ocean Water).
Nitrogen isotopic analysis of nitrate, expressed in δ notation relative to the standard air, was measured by the
denitriﬁer method (Gasbench II/delta V plus combination, Thermo Scientiﬁc, USA). δ15N was determined from
N2O produced by a controlled reduction of nitrate within the sample (Casciotti et al., 2002; Sigman et al.,
2001). For calibration of nitrogen isotope values, the reference materials IAEA-N3 (δ15N: +4.7‰ AIR),
USGS32 (δ15N: +180‰ AIR), USGS 34 (δ15N: 1.8‰ AIR), and USGS 35 (δ15N: +2.7‰ AIR) were used. The
analytical precision of the denitriﬁer method for δ15N was ±0.4‰.
2.2. Numerical Investigations
Numerical investigations were carried out with the code HP1 (Jacques et al., 2018), which is a numerical solver
for multicomponent reactive transport for variably saturated water ﬂow conditions. It couples HYDRUS-1D
(Šimůnek et al., 2016) for solving the Richards equation and the advection-dispersion equation with
PHREEQC (Parkhurst & Appelo, 2013) for solving the biogeochemical processes to simulate multicomponent
reactive transport in variable saturated porous media. Our simulations used the HP1 code with the standard
“phreeqc.dat” database but with the nitrate-nitrite equilibrium speciation disabled as nitrite accumulated
kinetically in our experiment.
2.2.1. Simulation of Water Flow and Conservative Transport
The laboratory column of 51.5-cm length was discretized into 115 nodes with equal spacing. The model
column includes the ﬁlter (2.5 cm on each side) and sediment material (46.5 cm). Both materials used the
same hydraulic conductivity, porosity, and dispersivity as the ﬁlter porosity is unknown and test simulations
showed that the porosity error introduced by this approach is negligible.
Hydraulic conductivities of the aquifer sediment and ﬁlters equal 3.5 × 105 m/s. Constant ﬂux boundaries
were applied at the inﬂow and outﬂow boundary, and thus, the hydraulic conductivity did not inﬂuence
the ﬂow velocity and is therefore of less importance for our investigation. Conservative transport parameters
(porosity and dispersivity) were calibrated with the bromide tracer breakthrough curve.
2.2.2. Governing Equations for Microbial Nitrate Reduction
Key processes in our reactive transport model include (i) growth and decay of microorganisms; (ii)
attachment and detachment of microorganisms to the soil surface, having a mobile (suspended in the water
phase) and immobile (attached to the soil) pool of microorganisms; (iii) both heterotrophic (oxidation of sedi-
mentary organic carbon (SOC)) and autolithotrophic (oxidation of pyrite) microbial denitriﬁcation processes
(Bosch et al., 2011; Strohm et al., 2007; Torrentó et al., 2011); and (iv) advection, diffusion, and dispersion of
10.1029/2018WR023202Water Resources Research
KNABE ET AL. 9268
mobile microorganisms and solutes. Nitrate and nitrite are measured and accounted for in the simulations to
replicate reduction of nitrate to nitrite (step (a)) and reduction of nitrite to N2 (step (b)).
2.2.2.1. Microbial Growth and Transport of Microorganism
The rate of change of attached and detached microbe concentrations are described as
ra;micr ¼ katt ·cs:micr þ kdet ·ca;micr þ d·ca;micr  ySOC ·rSOC þ ypyr ·rpyr
 
(1)
rs;micr ¼ þkatt ·cs:micr  kdet ·ca;micr þ d·cs;micr (2)
where ra/s,micr is the rate of the microbe concentration change for the microbes attached to the sediment
(index a) and suspended in the water phase (index s; mol-cells·L1·day1) expressed as negative of the time
derivative of the concentration, katt and kdet are the constant attachment and detachment coefﬁcients
(day1), d is the decay coefﬁcient (day1), ySOC/pyr are the microbial yield factors for oxidation of SOC and pyr-
ite (mol-cells mol1), rSOC/pyr are the oxidation rates of SOC and pyrite (mol L
1 day1), cs,micr is the concentra-
tion of mobile microbes suspended in the water phase (mol-cells L1), and ca,micr is themicrobe concentration
attached to the sediment, that is for simpliﬁcation expressed in mol-cells per liter solute volume.
In this conceptual model, we assumed that only attached microbes are directly affected by growth as only
electron donors in the solid phase are considered with DOC being negligible (the growth term is only present
in equation (1), the fourth term). We observed in our experiment a temporal sequence of heterotrophic and
autolithotrophic denitriﬁcation. The simulations consider that the microbes are autolithotrophic if the con-
centration of reactive organic carbon is very low (only one microbial population is considered for both deni-
triﬁcation processes). Growth (fourth term of equation (1)) and decay (third term in equations (1) and (2)) are
simulated similar to the studies of Lee et al. (2009) and Rodríguez-Escales et al. (2016). Many approaches have
been published to simulate microbial transport that account for the attachment and detachment of microbes
to and from the sediment (Tufenkji, 2007). The simplest approach to consider microbial transport is ﬁrst-order
attachment and detachment with constant coefﬁcients as, that is, in Clement et al. (1997) (the ﬁrst two terms
of equations (1) and (2)).
More complex approaches for microbial transport like colloid ﬁltration theory (Ginn et al., 2002) include the
median grain size, colloid/microbe size, particle velocity, porosity, and saturation. Also known to be relevant
for colloid transport are pH and ionic strength especially through their inﬂuence on the electrostatic double
layer (Ginn et al., 2002). Most of these variables are constant under the experimental conditions; only ionic
strength increases from about 4.5 to 6.0 mmol/L during the experiment. Therefore, the implemented
approach can be expected to reproduce the microbial transport reasonably well under the prevailing
geochemical conditions.
The microbe concentrations are normalized to the initial concentration of attached microbes to avoid assum-
ing an absolute value of the initial concentration in the absence of measurements (see also section 2.2.3):
ca;micr x; tð Þ
ca;micr x; t ¼ 0ð Þ ¼
ca;micr x; tð Þ
ca;micr;0
¼ ca;norm x; tð Þ (3)
where ca,norm(x, t) is the normalized (dimensionless) concentration of attached microbes at distance x and
time t. The normalized concentration of attached microbes is therefore 1 at the start of the model
calculations.
The geochemical rate for the normalized attached microbes can be formulated as
ra;norm ¼ katt ·cs;norm þ kdet ·ca;norm þ d·ca;norm  YSOC ·rSOC þ Ypyr ·rpyr
 
(4)
where Yi ¼ yica;micr;0
 
is the normalized growth yield (L/mol) for the oxidation of species i.
Similarly, equation (4) for suspended microbes can be written as
rs;norm ¼ katt ·cs;norm  kdet ·ca;norm þ d·cs;norm (5)
10.1029/2018WR023202Water Resources Research
KNABE ET AL. 9269
2.2.2.2. SOC Degradation
Heterotrophic denitriﬁcation is based on the degradation of dissolved and sediment-bound organic carbon
(DOC and SOC). The inﬂowing artiﬁcial groundwater was free of DOC; therefore, transport of DOC is disre-
garded in the simulations. Degradation of SOC is described with the following geochemical reactions:
Corg þ 2 NO3 þ H2O→2 NO2 þ HCO3 þ Hþ (6)
3 Corg þ 4 NO2 þ H2Oþ Hþ→2 N2 þ 3 HCO3 (7)
Oxidation of SOC can be described using Monod kinetics, where the oxidation rate is linearly coupled with
the microbial mass and limited by the electron donor (SOC) and acceptor (nitrate and nitrite) availability.
For both denitriﬁcation steps, (a) and (b), the denitriﬁcation rates are formulated with
rSOC;a ¼ km;SOC;a·ca;micr · cSOCcSOC þ kSOC;a ·
cNO3
cNO3 þ kNO3
(8)
rSOC;b ¼ km;SOC;b·ca;micr · cSOCcSOC þ kSOC;b ·
cNO2
cNO2 þ kNO2
(9)
where km,SOC,a/b are the speciﬁc rate constants for steps (a) and (b), respectively (mol-SOC·mol-cells
1·day1);
ca,micr is the concentration of attached microbes (mol-cells·L
1); cSOC is the sediment organic carbon concen-
tration with respect to solute volume (mol/L); kSOC,a/b is the organic carbon half-saturation constant (mol/L);
cNO3/NO2 are the nitrate and nitrite concentrations (mol/L); and kNO3/NO2 are the nitrate and nitrite half-
saturation constants (mol/L).
Considering the normalized microbe concentrations, the denitriﬁcation rates are
rSOC;a ¼ km;SOC;a·ca;micr · cSOCcSOC þ kSOC;a ·
cNO3
cNO3 þ kNO3
¼
¼ Km;SOC;a·ca;norm· cSOCcSOC þ kSOC;a ·
cNO3
cNO3 þ kNO3
(10)
and for reaction step (b):
rSOC;b ¼ km;SOC;b·ca;micr · cSOCcSOC þ kSOC;a ·
cNO2
cNO2 þ kNO2
¼
¼ Km;SOC;b·ca;norm· cSOCcSOC þ kSOC;b ·
cNO2
cNO2 þ kNO2
(11)
where Km,SOC,a/b (=km, SOC, a/b · ca, micr, 0) are the normalized rate constants for steps (a) and (b) (mol·L
1·day1),
and ca,norm is the normalized concentration of attached microbes.
2.2.2.3. Pyrite Oxidation
Autolithotrophic denitriﬁcation based on the oxidation of pyrite is often assumed to include the oxidation of
iron(II) to iron(III), which then precipitates as iron(III)-hydroxide (Prommer & Stuyfzand, 2005). The geochem-
ical equation of Prommer and Stuyfzand (2005) is adapted to the two-step approach of this study:
að Þ 2 FeS2 þ 15 NO3 þ 7 H2O→15 NO2 þ 4 SO24 þ 2 Fe OHð Þ3 þ 8 Hþ (12)
bð Þ 2 FeS2 þ 10 NO2 þ 2H2Oþ 2 Hþ→5 N2 þ 4 SO24 þ 2 Fe OHð Þ3 (13)
An empirical equation for the oxidation rate of pyrite due to reduction of oxygen and nitrate was published
by Eckert and Appelo (2002) and Prommer and Stuyfzand (2005), who based their research on the previous
work of Williamson and Rimstidt (1994) and Appelo et al. (1998). Oxygen was not present in our experiment
and the calculation of the pyrite oxidation rate is therefore reduced to
rpyr ¼ cp2NO3 ·c
p3
Hþ · kpyr ·p4·cpyr;0
 
·
cpyr
cpyr;0
 2=3
(14)
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where rpyr is the rate of pyrite oxidation (mol·L
1·day1); cNO3,H+ are the concentrations of nitrate and
hydrogen (mol/L); kpyr is the speciﬁc rate constant (dm·mol·L
1·day1), which was originally determined by
Williamson and Rimstidt (1994) with 5.58 × 106 (dm·mol·L1·day1); cpyr is the current pyrite concentration
(mol/L); cpyr,0 is the initial pyrite concentration (mol/L); and p2,3 are the exponent parameters. The parameters
p2 and p3were originally determined by Williamson and Rimstidt (1994) with values of 0.5 and0.11, respec-
tively, derived from the oxidation of pyrite from oxygen respiration, but were later also used for nitrate reduc-
tion by Eckert and Appelo (2002) and Prommer and Stuyfzand (2005). The parameter p4 is the initial pyrite
surface area per mole of pyrite (dm2/mol). The last term of equation (14) assumes that the pyrite minerals dis-
solve like an ideal cube/sphere and that the number of pyrite grains per unit volume remains ﬁxed (Appelo
et al., 1998). The surface area therefore decreases with a power of 2/3 with decreasing pyrite concentration.
For simulation of autolithotrophic nitrate reduction, the oxidation rate of pyrite as given in Prommer and
Stuyfzand (2005) is coupled with the microbial concentration to include microbial growth and its impact
on the reaction. The pyrite oxidation rate was calculated for step (a) with
rpyr;a ¼ cp2NO3 ·c
p3
Hþ · k

pyr;a·p4·cpyr;0
 
·
cpyr
cpyr;0
 2=3( )
·ca;norm·Z cSOCð Þ (15)
where
Z cSOCð Þ ¼
0; cSOC > ISOC
ISOC  cSOC
ISOC
 2
; cSOC≤ISOC
8><
>: (16)
and where rpyr,a is the pyrite oxidation rate for step (a) (mol·L
1·day1); the term in curly brackets “{}” is the
pyrite oxidation rate based on the equation from Prommer and Stuyfzand (2005), but with k*pyr,a as the spe-
ciﬁc rate constant per unit concentration of microbes for step (a) (dm·mol·L1·day1); ca,norm is the normal-
ized concentration of attached microbes (); and ISOC is the organic carbon inhibition constant (mol/L).
In order to reduce the number of calibrated parameters, p2 and p3 are ﬁxed at the values given in Prommer
and Stuyfzand (2005). Furthermore, c0:11Hþ is regarded as constant as the impact on computed c
0:11
Hþ values is
minimal within the observed range of pH values (pH of 8.3 ± 0.1 results in c0:11Hþ ≈ 8.2 ± 0.2). Since our focus is
on the main species (nitrate, nitrite, sulfate), this also eliminates the need to include other geochemical phe-
nomena, which have an inﬂuence on the pH value, that is, calcite dissolution. These assumptions ﬁnally lead
in combination with the normalized microbe concentrations to
rpyr;a ¼ c0:5NO3 · Km;pyr;a·cpyr;0
 
·
cpyr
cpyr;0
 2=3( )
·ca;norm·Z cSOCð Þ (17)
where Km,pyr,a (¼ kpyr;a·p4·c0:11Hþ ) is the speciﬁc rate constant for step (a) per initial concentration of pyrite and
per unit concentration of microbes (day1).
For the second nitrite reduction (step (b)), the reaction is calculated with
rpyr;b ¼ c0:5NO2 · Km;pyr;b·cpyr;0
 
·
cpyr
cpyr;0
 2=3( )
·ca;norm·Z cSOCð Þ (18)
where Km,pyr,b is the speciﬁc rate constant for step (b) per initial concentration of pyrite and per normalized
microbe concentration (day1).
Note that the pyrite rate law does not depend on the Fe2+ concentration and only applies to the irreversible
reaction of pyrite dissolution under far from equilibrium conditions.
2.2.2.4. Reaction Network Implemented for Nitrate Reduction From Organic Carbon and Pyrite
Oxidation Coupled With Microbial Transport Growth and Death
The ﬁnal rate expressions implemented into HP1 for the major components: SOC, pyrite, nitrate, nitrite, sul-
fate, and attached and suspended microbes, are given in Table 1.
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2.2.3. Initial and Boundary Conditions
Saturated water ﬂow was simulated using a constant ﬂux boundary with a constant Darcy velocity of
2.31 cm/day. The model domain was set to be initially saturated. Transport was simulated with a concentra-
tion ﬂux boundary at the bottom of the column to mimic the injection of the artiﬁcial groundwater, while a
zero-concentration gradient boundary was deﬁned at the top of the column. For the reactive transport
model water was injected with a composition that equals the mean groundwater chemistry within the
Hessian Ried and with a 3- to 4-fold increase of the nitrate concentration compared to the mean value of
20 to 30 mg/L (Table 2).
The initial pore water chemistry assumes that the aquifer is initially free of
nitrate and nitrite. The initial concentration of SOC cSOC,0was used as a cali-
bration parameter. The concentration was initially estimated using the
stoichiometry of equations (6) and (7), and numerically solving the
equation
cSOC;0 ¼ QVw ·∫
tm
tn
5
4
· cNO3 ;in  cNO3 tð Þ
  3
4
·cNO2 tð Þ
 
dt (19)
where cSOC,0 is the initial concentration of SOC deﬁned relative to the ﬂuid
volume, Q is the water volume ﬂux (L/day), Vw is the water volume of the
column (L), cNO3/NO2 (t) are the measured concentrations at the outﬂow
for nitrate and nitrite at the time t, cNO3,in is the inﬂowing concentration
Table 1
Rate Expressions Used in HP1
Component Rate Expressions
SOC rSOC = rSOC, a + rSOC, b
rSOC;a ¼ Km;SOC;aca;norm cSOCcSOCþkSOC;a 
cNO
3
cNO
3
þkNO
3
rSOC;b ¼ Km;SOC;bca;norm cSOCcSOCþkSOC;b 
cNO
2
cNO
2
þkNO
2
Pyrite rpyr = rpyr, a + rpyr, b
rpyr;a ¼ c0:5NO3  Km;pyr;acpyr;0
  cpyrcpyr;0
 2=3 	
ca;normZ cSOCð Þ
rpyr;b ¼ c0:5NO2  Km;pyr;bcpyr;0
  cpyrcpyr;0
 2=3 	
ca;normZ cSOCð Þ
Z cSOCð Þ ¼
0 ; cSOC > ISOC
ISOC  cSOC
ISOC
 2
; cSOC≤ISOC
8><
>:
Normalized microbes, suspended rs,norm =  katt  cs,norm + kdet  ca,norm  d  cs,norm
Normalized microbes, attached ra,norm = katt  cs,norm  kdet  ca,norm  d  ca,norm+
+(YSOC  (rSOC, a + rSOC, b) + Ypyr  (rpyr, a + rpyr, b))
Nitrate
rNO3 ¼ 2rSOC;a þ 152 rpyr;a
Nitrite
rNO2 ¼ 2rSOC;a  152 rpyr;a þ 43 rSOC;b þ 5rpyr;b
Sulfate
rSO24 ¼ 2rpyr;a  2rpyr;b
Note. Positive rates = decreasing concentration, negative rates = increasing concentration.
Table 2
Artiﬁcial Groundwater Composition Used in the Simulations as Initial (cinit)
and Injected (cinj) Pore Water Composition at the Inlet Boundary
Species cinj in mmol/L cinit in mmol/L
NO3
 1.52 ± 0.08 0.00
NO2
 0.00 ± 0.02 0.00
SO4
2 0.55 ± 0.06 0.55
Br 0.12 ± 0.02 0.00
Cl 0.75 ± 0.08 0.72
HCO3
 0.27 ± 0.06 2.20
Na+ 0.93 ± 0.06 0.77
Mg2+ 0.65 ± 0.04 0.16
Ca2+ 0.78 ± 0.06 1.58
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of nitrate, tn is the time when the initial nitrate breakthrough is roughly complete (14 days), and tm is the time
of the last measurement before autolithotrophic denitriﬁcation begins (60 days). Derivation of equation (19)
is given in Text S1 in the supporting information.
According to the CRS measurement, the initial pyrite concentration was 2.34 mmol/kg, assuming that all sul-
ﬁdic sulfur was bound in pyrite.
The initial concentration of microbes is difﬁcult to determine at laboratory scale and even more difﬁcult at
ﬁeld scale. Many authors (Lee et al., 2009; Rodríguez-Escales et al., 2016) assume a value based on the litera-
ture. The rate formulations expressed the attachedmicrobe concentrations normalized to their initial concen-
tration; consequently, the initial normalized concentration of attached microbes is 1. The injected water was
free of microbes, but the initial pore water was assumed to be in equilibrium with suspended and attached
microbes. Suspended microbes are given with
cs;norm;0·katt ¼ ca;norm;0·kdet⇒cs;norm;0 ¼ kdetkatt ·ca;norm;0 ¼
kdet
katt
·1 (20)
where ca/s,norm,0 are the initial normalized concentrations of attached and suspended microbes.
2.2.4. Numerical Model Calibration
2.2.4.1. Calibration of Conservative and Reactive Transport Parameter
Automated calibration of the conservative and reactive transport model is conducted with PEST (Model-
Independent Parameter Estimation and Uncertainty Analysis; Doherty, 2016) following a similar approach
as discussed in Jacques et al. (2012), where UCODE was used. PEST minimizes discrepancies between model
simulated outputs and the corresponding measurements by minimizing the weighted sum of squared differ-
ences between the respective values. In the optimization procedure the signiﬁcance of the included data
types as well as measurement errors of the collected data are considered by weighting the measurements
with the inverse of their measurement uncertainty. The normalized weights are w NO3
  ¼ 0:3; w NO2  ¼
0:3;w SO24
  ¼ 0:4.
First, conservative transport model parameters of the sediment, porosity n and the dispersivity coefﬁcient α,
are estimated based on the calibration of the measured bromide tracer breakthrough curve.
The reactive transport model is calibrated with measured concentrations of NO3
, NO2
, and SO4
2 in the
outﬂow of the column and along the column using all four ports. Therefore, a total number of 462
observation points (3 species with 74 time steps at the outﬂow and 20 time steps at the ports) were used
in the inversion. The reactive transport model focuses on the aqueous species and solids relevant for
denitriﬁcation (NO3
, NO2
, N2, SO4
2, SOC, pyrite, denitrifying microbes) and has a total of 14 model
parameters (Table S1 in the supporting information). A multiple calibration step approach was selected to
calibrate nine parameters. Four parameters were ﬁxed using values from previous publications, because they
are highly insensitive (kNO3, kNO2) or correlated too strongly with other parameters (katt, d). Parameters
kSOC,a and kSOC,b were set by manual trial-and-error because their sensitivity was highly nonlinear
(Table S1). Rate constants and the growth parameter for heterotrophic denitriﬁcation are taken from
Rodríguez-Escales et al. (2016) and divided by their initial microbe concentration to account for the usage
of normalized microbe concentrations. The normalized growth yield for autolithotrophic denitriﬁcation Ypyr
is initially assumed to be the same as the initial ﬁt for the heterotrophic growth yield YSOC. The rate constants
for autolithotrophic denitriﬁcation are taken from Appelo et al. (1998). In contrast to published rate constants
for denitriﬁcation, which account for the total number of electrons (5e), we separated the rate constants for
the two denitriﬁcation steps to account for the lower numbers of electrons transferred per denitriﬁcation step
(2e for step (a) and 3e for step (b)).
Nine parameters were estimated in the inversion. The experiment showed a two-phase denitriﬁcation with
heterotrophic denitriﬁcation at the beginning and autolithotrophic denitriﬁcation at the end with only a
small transition phase. Therefore, we ﬁrst calibrated those parameters which are solely related to hetero-
trophic denitriﬁcation. This calibration used the data between day 0 and day 60 resulting in 37measurements
per species in the outﬂow and 9 at each port. Only ﬁve parameters are estimated in this ﬁrst calibration step:
the rate constants Km,SOC,a/b, the heterotrophic normalized growth yield YSOC, the initial concentration of
reactive organic carbon cSOC,0, and the detachment coefﬁcient kdet.
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The second calibration phase uses the full data set and the calibration parameters related to autolithotrophic
denitriﬁcation: the rate constants Km,pyr,a/b, the autolithotrophic normalized growth yield Ypyr, and the
detachment coefﬁcient kdet. The parameters from the ﬁrst phase are restricted to their 99.7% conﬁdence
intervals to account for the short transition phase except for the detachment coefﬁcient, which showed only
a low sensitivity for the ﬁrst calibration step. Additionally, Tikhonov regularization (Doherty, 2015) is
employed by setting the initial values as preferred values. A preliminary calibration is done without consider-
ing parameter overﬁtting (large parameter changes without signiﬁcant improvement of the calibration ﬁt).
The ﬁnal calibration then stopped when the measurement objective function (the model to measurement
misﬁt) was 5% higher than in the preliminary calibration, thus reaching an acceptable calibration ﬁt without
signiﬁcant parameter overﬁtting, which usually occurs in the last 5–10% of a calibration (Doherty, 2016).
2.2.4.2. Parameter Sensitivity and Model Uncertainty
PEST calculates composite sensitivities for all observation points and parameters (Doherty, 2016).
Observation sensitivities provide a measure of how sensitive an observation is to the parameters in the cali-
bration process. The composite sensitivity of each parameter evaluates the impact (sensitivity) of parameters
on the model response. All parameters are log-transformed during the calibration, which makes their sensi-
tivities comparable (Doherty, 2015).
Parameter and observation uncertainty are calculated by the PEST utility programs with a linearity assump-
tion for the model and an assumed normal distribution (Doherty, 2016). The parameters share information
and also contribute uncertainty to each other. Assuming model linearity this can be calculated with
(Doherty, 2015)
rj→i ¼
σ2j→i
σ2i
(21)
where rj → i is the relative uncertainty contribution of parameter j to parameter i, σ2j→i is the uncertainty var-
iance of parameter i for “freezing” of parameter j, and σi is the uncertainty variance of parameter i.
3. Results
The total simulation time is 164 days with an initial time step of 0.1 s and a maximum time step of 1 hr. The
Peclet and Courant number equaled 1.65 and 1.40, respectively. Therefore, numerical dispersion did not
occur. The advection-dispersion equation was solved with an implicit time weighting and Galerkin ﬁnite ele-
ment space weighting scheme.
3.1. Hydraulic and Biogeochemical Properties of the Investigated Sediment
3.1.1. Biogeochemical Properties of the Investigated Sediments
The sediment samples consisted mainly of sandy to silty Quaternary eolian deposits with a partially high TIC
content between 2 and 42 g/kg. The sulﬁde content (measured as CRS) increased with depth from values
below or close the limit of quantiﬁcation (18 mg S/kg) to 100 mg S/kg (max. 150 mg S/kg) at a depth of
30 m. Especially a silt layer at 25–26-m depth showed high CRS and very high TOC contents, indicating a layer
with high denitriﬁcation potential.
SEM and BSE analyses of sediments showed different types of iron–sulfur compounds (Kludt et al., 2016).
Fine-graded sediments in the silt layer at 25–26-m depth contained platy hexagonal grains with a high iron
and sulfur BSE signal, which may indicate iron sulﬁde phases like pyrrhotite (e.g., Horng and Roberts (2006)
often found in ﬁne graded anoxic sediments (Kao et al., 2004), or iron sulfate phases like jarosite as possible
weathering products of pyrite. At 35–36-m depth framboidal pyrite was observed. These spherical aggre-
gates consist of pyrite microcrystals (0.1–1 μm) often found in modern anoxic sedimentary deposits (Wilkin
et al., 1996). Some uncertainties still remain how framboidal pyrite is formed, but some researchers postulate
that they are associated with mineralization of bacterial strains, organic particles/colloids, or may be formed
by abiotic transformation processes (Rimstidt & Vaughan, 2003; Wilkin & Barnes, 1997). Our SEM-BSE analyses
suggest that different iron sulﬁde phases are present in the sediments, which may exhibit different denitriﬁ-
cation kinetics related to their structure and surface area (q.v. Bosch et al., 2011). Yet in the absence of exact
knowledge about the ratios of the different iron sulﬁde phases they are lumped together into a single
phase (pyrite).
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3.1.2. Conservative Transport Properties
The measured bromide breakthrough curve was used to calibrate dispersion and porosity with 3.03 mm and
0.54, respectively, as given in Figure S1 in the supporting information. The low dispersivity is likely due to the
homogenization and careful packing of the sediment in the column (see section 2.1.2). The high porosity
shows additionally that packaging was very loose.
3.2. Kinetic Processes for Nitrate Reduction in Pyritic Sediments
The experiments indicate two denitriﬁcation phases (Figure 2). The ﬁrst phase lasted until day 60 and was
dominated by heterotrophic denitriﬁcation. This is indicated by nitrate concentrations that remained below
the concentration of nitrate in the injected water (difference of 0.2–0.5 mmol/L), while sulfate concentrations
equaled the inﬂow concentration. Due to depletion of the bioavailable SOC the second phase initiated after
day 60 and was dominated by autolithotrophic denitriﬁcation, as indicated by the strong decrease of nitrate
Figure 2. Transport model output (line) with 95% conﬁdence interval (dashed line) and experimental data (points + error
bars (95% conﬁdence)) for the efﬂuent and the sampling ports.
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concentrations coupled with an increase of sulfate concentrations. Both denitriﬁcation phases showed a sig-
niﬁcant increase in nitrite concentration. However, for heterotrophic denitriﬁcation, nitrite increased only at
later times, while for autolithotrophic denitriﬁcation it increased initially and dropped only when nitrate was
nearly depleted. Although pyrite oxidation could be expected to lower the pH (see equations (12) and (13)), a
constant pHwas observed during the experiment (8.2–8.4) likely due to pH-buffering by calcite dissolution, as
approximately 2.6 mol calcite per kg was present in the sediment material. Furthermore, ammonium concen-
trations were very low (<0.04 mmol/L) during the experiment, showing that denitriﬁcation was the major
nitrate removal pathway. Additionally, very low iron(II/III) measurements (<0.003 mmol/L) during the entire
experiment support the assumption of equation (12) that iron oxidation and precipitation occurred parallel to
sulﬁde oxidation.
Measured sulfate concentrations are matched well in the discharge until day 80 and also between day 100
and day 160. The experimental data show a peak of the sulfate concentration between days 80 and 95.
The simulated sulfate concentration strongly underestimates the measured sulfate peak. This difference is
mainly caused by a different stoichiometry during this period than assumed in equations (12) and (13).
There is up to 0.25 mmol/L sulfate more released than electron acceptors (nitrate and nitrite) were available
for oxidation of pyrite. This means that besides pyrite other sulfur-containing minerals were dissolved by
autolithotrophic denitriﬁcation and/or further sulfur sources exist like carbonate-associated sulfate, which
could be released when calcite dissolves due to pH buffering. A further error can be related to the calculation
of the pyrite surface area. The pyrite surface area is calculated in equations (17) and (18) with the assumption
of an ideally dissolving cube/sphere. However, this assumption might not hold true for the experiment. The
mismatch might also indicate the presence of different pyrite phases with different reactivity. A pyrite phase
with a higher surface area per pyrite mass could be responsible for the initial sulfate peak around day 85,
whereas a lower reactive phase with a lower surface area per pyrite mass that dissolved later might be
responsible for the measured slower decline after day 120.
The simulated nitrate concentrations match the measured values well in the discharge until 100-day
simulation time. However, nitrate concentrations are overestimated between day 100 and day 140, which
might result from the fact that nitrite is slightly underestimated and sulfate concentrations are simulated well
during this time period. The nitrite concentrations are replicated well for the heterotrophic phase, but show
signiﬁcant differences during the autolithotrophic denitriﬁcation peak, which is related to the mismatch for
sulfate during that period.
Depth-dependent concentrations of nitrate, sulfate, and nitrite were measured at 10.75- (A1), 20.75- (A2),
30.75- (A3), and 40.75-cm (A4) depth along the column (Figure 2). Measured data at port A1 suggested that
denitriﬁcation was limited in the ﬁrst section of the column. The numerical model replicates this trend in
general, but underestimates the denitriﬁcation rate at this shallow depth and thus also underestimates the
small sulfate peak around day 70.
At 20.75-cm depth (A2), denitriﬁcation slightly increased, and thus, the nitrate minimum and sulfate
maximum observed in the discharge also developed although 20 days earlier. Thus, at this depth, the model
is in general able to replicate the observed trends for nitrate; however, the sulfate peak in the model is
delayed by 20 days and is signiﬁcantly underestimated, whereas nitrite is signiﬁcantly overestimated. At
30.75- (A3) and 40.75-cm depth (A4), denitriﬁcation increased to rates as observed at the bottom of the
column resulting in similar concentrations of nitrate, nitrite, and sulfate as measured in the discharge. The
mismatch at ports A1 and A2 can be explained by the simulated high depletion of denitrifying microbes in
the ﬁrst section of the column (see section 3.3.1). The employed microbial transport approach is unable to
produce sufﬁciently high microbe concentrations in the ﬁrst section of the column, without increasing the
microbe concentrations in the middle and last sections. Additionally, there is no other factor, which could
be responsible for the underestimated denitriﬁcation rate especially for autolithotrophic denitriﬁcation in
the ﬁrst section of the column, as the sediment material was homogenized. Thus, no reactivity difference
should exist between different sections of the column. Underestimation of autolithotrophic denitriﬁcation
in the ﬁrst section of the column leads to an overestimation of autolithotrophic denitriﬁcation and an earlier
and intense pyrite depletion in the middle and last sections (ports A3 and A4). Finally, this results in an
underestimation of the denitriﬁcation rate at the end of the simulation time (after day 160), resulting in an
underestimation of nitrite and sulfate concentrations and overestimation of nitrate concentrations. The
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denitriﬁcation decline at the end of the simulation results from the decrease of available pyrite
for denitriﬁcation.
Also, microbial decay might inﬂuence the reduction of the denitriﬁcation rate at the end of the experiment.
Themicrobial decay coefﬁcient was not included in themodel calibration. Test runs showed that variations of
the microbial decay coefﬁcient had a limited effect on the model ﬁt.
Nitrite concentrations are overestimated in the ﬁrst section of the column (ports A2 and A3) and partly under-
estimated in the last section (discharge and port A4). The experimental data shows a signiﬁcant rate for nitrite
reduction from the beginning of autolithotrophic denitriﬁcation (especially in port A2), but also a decrease of
the nitrite reduction rate with distance and a rate increase when nitrate is nearly depleted. This mismatch
between the measured and simulated concentrations is caused by a higher complexity for nitrite reduction
during autolithotrophic denitriﬁcation than the model assumes, that is, a decrease of nitrite reduction with
depth and an increase when nitrate is depleted.
The reactive transport model used a joint inversion of nitrate, nitrite, and sulfate concentrations at the out-
ﬂow and at four locations along the column. The limited heterotrophic denitriﬁcation is simulated well at
ports A2 to A4 and for the discharge, whereas the autolithotrophic denitriﬁcation was more difﬁcult to repli-
cate. A further assessment of the calibration using the root-mean-square error is given in the Text S2 and
Table S2 in the supporting information. Possible factors that are responsible for these difﬁculties to simulate
autolithotrophic denitriﬁcation are (i) missing measurements of denitrifying microbes, (ii) the overestimation
of simulated nitrite concentration in the ﬁrst section of the column, and (iii) an uncertainty about the sulﬁde
mineral composition. The integration of an SOC inhibition for autolithotrophic denitriﬁcation enabled the
model to mimic the temporal sequence of the two denitriﬁcation phases (heterotrophic followed by auto-
lithotrophic denitriﬁcation). Also, coupling heterotrophic and later autolithotrophic denitriﬁcation with
microbial growth and decay was found to be a suitable approach to simulate the measured data.
3.3. Kinetic Parameters for Nitrate Reduction in Pyritic Aquifers
3.3.1. Estimated Kinetic Parameter and Reaction Rates
The aim of our numerical investigations was to identify key parameters and processes that drive denitriﬁca-
tion in pyritic aquifers. Based on the model calibration nine parameters were estimated for the reactive trans-
port processes. The calibrated values lie in the range of values found by other researchers (Table 3).
Furthermore, the conﬁdence intervals for all parameters are relatively low due to themultiple-step calibration
procedure. Additionally, the normalized growth yield for heterotrophic denitriﬁcation, YSOC with 1.2 × 10
4 L/
mol, is about 2 times larger than for autolithotrophic denitriﬁcation with Ypyr = 0.61 × 10
4 L/mol (with respect
to the transferred electrons this increases to 7.5), showing that microbial yield is higher for heterotrophic
denitriﬁcation. This might also explain the preference for the highly reactive SOC compared to pyrite result-
ing in the temporal order of heterotrophic and autolithotrophic denitriﬁcation.
Table 3
Calibrated Parameter Values, Conﬁdence Limits, and Composite Parameter Sensitivities S for the Reactive Transport Model
Parameter
Calibrated
Value
95% Conﬁdence Interval
Literature SMin Max
Km,SOC,a (mol L
1 day1) 9.02 × 106 7.73 × 106 10.1 × 106 1.52 × 10–2 e, 5.58 × 10–4 f, 8.73 × 10–5 d, 7.51 × 10–4 g, 2.36 × 10–4 h 1.33
Km,SOC,b (mol L
1 day1) 3.04 × 105 2.46 × 105 3.75 × 105 2.28 × 10–2 e, 1.31 × 10–4 d, 1.13 × 10–3 f, 3.54 × 10–4 h 0.71
cSOC,0 (mol/L) 1.75 × 10
3 1.51 × 103 2.02 × 103 - 0.42
YSOC (L/mol) 1.19 × 10
4 0.99 × 104 1.43 × 104 3.06 × 102 e, 9.67 × 102 f, 4.29 × 103 d, 6.81 × 103 g, 2.97 × 104 h, 5.81 × 104 h 1.88
Ypyr (L/mol) 6.08 × 10
3 4.01 × 103 9.22 × 103 - 0.15
Km,pyr,a (day
1) 1.68 × 101 1.10 × 101 2.57 × 101 0.21 × 10–1 a*, 1.69 × 10–1 b 0.13
Km,pyr,b (day
1) 1.73 × 101 1.13 × 101 2.66 × 101 0.31 × 10–1 a*, 2.47 × 10–1 b 0.07
ISOC (mol/L) 2.11 × 10
4 1.13 × 104 3.94 × 104 - 0.05
kdet (day
1) 2.93 × 100 2.12 × 100 4.04 × 100 0.36 × 100 to 2.16 × 100 c, 3.20 × 10–1 d, 4.29 × 10–1 d 0.04
Note. The literature values for Km,SOC,a/b, YSOC, and Km,pyr,a/b are calculated using their deﬁnitions in equations (4), (10), (11), (17), and (18) using the values from
the respective studies.
aPrommer and Stuyfzand (2005). bAppelo et al. (1998). cHornberger et al. (1992). dClement et al. (1997). eRodríguez-Escales et al. (2016). fLee et al.
(2009). gLee et al. (2006). hCalderer et al. (2010).
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The highest heterotrophic denitriﬁcation rate calculated over the 160-day simulation time was 53 mmol-
e/(L*a) and was 4 times smaller than the highest autolithotrophic denitriﬁcation rate with 240 mmol-
e/(L*a) (Figure 3). Furthermore, the denitriﬁcation rate for step (b) is similar to step (a) during heterotrophic
denitriﬁcation, except for the end of the ﬁrst phase. However, during autolithotrophic denitriﬁcation, the
denitriﬁcation rate is larger for step (a) than for step (b) during most of the time. Only during the quick
and complete consumption of nitrate between day 80 and 100 the denitriﬁcation rate is larger for step (b)
than for step (a). Even though nitrite accumulates quite signiﬁcantly in the model (up to 0.6 mmol/L), the
model simulates that nitrite reduction always occurred and is solely caused by the different denitriﬁcation
rates for both steps. The right part of Figure 3 shows that especially the autolithotrophic denitriﬁcation rate
decreases strongly after only approximately 15% of the pyrite has been consumed.
The reactive transport model includes the calculation of normalized concentration proﬁles of microbes along
the column (Figure 4). Five time steps were selected: initial heterotrophic denitriﬁcation (day 30), transition
phase (day 60), autolithotrophic denitriﬁcation peak (day 90), denitriﬁcation decline (day 120), and the end
of the model calculations (day 160). During heterotrophic denitriﬁcation microbes increase up to 2.5 times
with respect to their initial concentration. At day 30, the highest concentrations occur in shallower parts of
the column, when nitrate concentrations are highest. At day 60, this peak has moved to greater depths as
SOC is mostly depleted. During the highest autolithotrophic denitriﬁcation (day 90), a new microbe concen-
tration peak appears, rising 4 times above the initial concentration. This peak then moves downward when
the pyrite concentration starts to fall. The model predicts that signiﬁcant concentrations of SOC and pyrite
still remain at shallow depths until the end of the experiment. However, for pyrite this remaining concentra-
tion is overestimated, indicated by the mismatch of sulfate at port A2. In the simulations a further decrease of
Figure 3. Model denitriﬁcation rates expressed with respect to mmol-e for nitrate and nitrite and autolithotrophic and het-
erotrophic denitriﬁcation, respectively. (left) As time series and (right) compared to the remaining electron donors.
Figure 4. Microbial distribution and remaining electron donors normalized to their maximum value in themodel column at
ﬁve important time steps with nitrate as comparison.
10.1029/2018WR023202Water Resources Research
KNABE ET AL. 9278
the denitriﬁcation at shallower depths is caused by the depletion of
microbes due to the inﬂowing water free of microbes. Finally, after 160-
day simulation time about 85% of the SOC (corresponds to 0.5% of the
TOC) and 46% of the pyrite was depleted during the 5-month experiment
and nitrate concentrations increase to 50 mg/L or 50% of the
inﬂow concentration.
3.3.2. Sensitivity and Uncertainty of Kinetic Parameters
PEST was used to compute parameter sensitivities and uncertainties.
Sensitivities for the log-transformed parameters varied between 0.04
and 1.9 (Table 3). Parameters used to simulate heterotrophic denitriﬁca-
tion (Km,SOC,a/b, cSOC,0, YSOC) have the highest sensitivities even though
rates for heterotrophic denitriﬁcation are lower than those for autolitho-
trophic denitriﬁcation. However, this results from the coupling and the
temporal order of both processes: heterotrophic denitriﬁcation para-
meters affect the results of the ﬁrst phase and also the beginning of
autolithotrophic denitriﬁcation, while the parameters for autolitho-
trophic denitriﬁcation have no impact on the model behavior before
day 60 as equations (17) and (18) include an exclusion for pyrite oxida-
tion as long as the SOC concentration remains above the threshold
value for ISOC. Small changes of parameters for heterotrophic denitriﬁcation shift the start of autolitho-
trophic denitriﬁcation with strong gradients for nitrate and sulfate, creating large discrepancies between
the model results and measurement concentration, resulting in high sensitivities. Small changes for para-
meters included in autolithotrophic denitriﬁcation change the slope of the nitrate decline and sulfate rise,
respectively, around day 70. This results in a smaller mismatch between simulated and measured data,
and smaller parameter sensitivities. Additionally, the observation sensitivities calculated by PEST also indi-
cate that the time frame from day 60 to 80 was most important for the calibration (see Text S3 and Figure
S2 in the supporting information).
Rate constants for the degradation of nitrite have a lower sensitivity for both processes, heterotrophic and
autolithotrophic denitriﬁcation. This lower sensitivity results from missing measurements of nitrogen for
the model calibration.
Parameters with the highest sensitivities have the lowest uncertainty if they do not correlate signiﬁcantly
with other parameters. Our calculation of the uncertainty shows that a signiﬁcant correlation exists
(Table 3). For example, the detachment coefﬁcient, which is less sensitive compared to the other parameters,
has a similar uncertainty as the more sensitive heterotrophic rate constants due to the fact that the hetero-
trophic rate constants correlate with other parameters.
Parameter correlation leads to the contribution of uncertainty between parameters. The relative uncertainty
contribution between all parameters was calculated, displaying how much the uncertainty variance of each
parameter will drop if another is held constant and the model would behave perfectly linearly. The uncer-
tainty matrix (Figure 5) shows that uncertainty contribution is quite high for some parameter combinations,
especially between the normalized growth yields and rate constants. Most parameters are difﬁcult to mea-
sure or to obtain from lab experiments or even more difﬁcult at ﬁeld scale. For example, cSOC,0 might be
known for laboratory experiments. However, measured TOC might overestimate the more relevant kinetic
parameter, reactive SOC. The normalized growth yields YSOC/pyr (in this study deﬁned as growth yield ysoc/
pyr divided by the initial microbe concentration) can be obtained if the initial microbe concentration is mea-
sured. If the growth yield of a speciﬁc microbial species is also known these measurements would signiﬁ-
cantly decrease the uncertainty of the rate constants.
3.4. Isotopic Fingerprint During Nitrate Reduction
In the sediments, a mean δ34S-sulﬁde (CRS) value of 15.5‰ (n = 11, σ = 2.9) was measured (Kludt et al.,
2016). Since there is no isotopic fractionation of solid sulﬁde during oxidation processes (Knöller et al.,
2005; Seal, 2006; Vaughan, 2006), this can be assumed as a constant input value for δ34S into the water phase
during the autolithotrophic denitriﬁcation.
Figure 5. Relative uncertainty contribution between parameters around the
calibrated best ﬁt.
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At the beginning of the experiment, a δ34S value of the dissolved sulfate of
about 8.2‰ was measured. With increasing sulfate concentrations, the
δ34S-SO4
2 values decreased and reached a minimum of 5.2‰. Thus,
the dissolved sulfate approached the δ34S value of the sedimentary sulﬁde
(Figure 6). This suggests in accordance with the model results that the
increase in sulfate concentration originated from oxidation of sulﬁdes in
the sediment (autolithotrophic denitriﬁcation). The proportion of sulﬁde
oxidation during autolithotrophic denitriﬁcation can be estimated based
on the sulfate concentration and isotope values on day 87 of the experi-
ment. The initial sulfate concentration was 0.6 mmol/L with a δ34S value
of 8.2‰. Therefore, 1.1 mmol/L sulfate with a δ34S value of 12.5‰ were
necessary to obtain a measured sulfate concentration of 1.7 mmol/L with
δ34S of 5.2‰ at day 87.
In contrast to the sulfur isotopes, nitrate isotopes (δ15N-NO3
) show fractionation during the denitriﬁcation
process. At the beginning of the column experiment the δ15N-NO3
 values were 0.5–2.5‰ and increased
during the experiment up to 38.4‰. The enrichment factors for denitriﬁcation (calculated as ε using the
Rayleigh equation according to Knöller et al. (2011) and Mariotti et al. (1981); see also Text S4 in the support-
ing information) showed a range from 8.9 to 3.9‰ similar to other studies (Lehmann et al., 2003). The
work of Frey et al. (2014) indicates that there is a measurable difference in the fractionation factors between
autolithotrophic and heterotrophic denitriﬁcation. In addition, the fractionation factor of heterotrophic deni-
triﬁcation depends on the type of organic carbon and on the bacterial communities. During the column
experiment, the phase with low (heterotrophic) nitrate degradation (up to day 75) showed enrichment fac-
tors between 8.9 and 7.3‰, whereas the phase with high (autolithotrophic) denitriﬁcation (after day
75) showed increased enrichment factors between 6.9 and 5.0‰ (Figure 6). These differences in the
enrichment factors indicate a change in the denitriﬁcation processes.
Our isotopic measurements support the results of the reactive transport model showing that the sulfate
increase occurring after day 60 originated mainly from a new source, pyrite oxidation, which started rela-
tively abruptly. Therefore, the simulation of autolithotrophic denitriﬁcation was modeled with a zero rate
for pyrite oxidation in the presence of higher SOC concentrations in equations (17) and (18) to achieve
this behavior.
Similarly, the enrichment factor for 15N shows that there was a process change between day 50 and day
80, from heterotrophic to autolithotrophic denitriﬁcation. Thus, both isotopic analysis and model results
demonstrate that signiﬁcant heterotrophic denitriﬁcation ended around day 60 and the sulfate increase
was the consequence of pyrite oxidation during autolithotrophic denitriﬁcation and did not result from
dissolution of other minerals like gypsum. The enrichment factor in Figure 6 also indicates, that nitrite
accumulation or the conditions that lead to it (SOC close to depletion), increase the enrichment factor dur-
ing heterotrophic denitriﬁcation. During autolithotrophic denitriﬁcation the accumulation of nitrite appar-
ently lead to lower enrichment factor values as a signiﬁcant increase can be observed after the nitrite
spike around day 70.
4. Discussion
4.1. Comparison With Existing Literature Values
The observed denitriﬁcation rates reached values up to 11 mmol-N/(L*a) for heterotrophic denitriﬁcation and
up to 48 mmol-N/(L*a) for autolithotrophic denitriﬁcation and are close to those described by Carrey et al.
(2013) for column experiments with sediments that contain organic carbon and pyrite (e.g., 9.5–
36.8 mmol-N/(L*a)). However, they showed using δ34S that autolithotrophic denitriﬁcation was insigniﬁcant
even though the sediment was described as pyrite rich. The column experiment of Carrey et al. (2013) ran
over 12 months where at the end the denitriﬁcation potential appears to be depleted without autolitho-
trophic denitriﬁcation occurring; therefore, an inhibition of autolithotrophic denitriﬁcation as in our experi-
ment has not occurred. The difference is possibly due to different microbe species in the sediments or due
to the sulﬁde minerals being coated and therefore unavailable for reaction. Jorgensen et al. (2009)
Figure 6. Measured isotopic sulfate and nitrate isotopic signatures with the
enrichment factor ε (15 N-nitrate).
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reported 3.6–5.8 mmol-N/(L*a) in incubation experiments also with sulﬁdes and organic carbon. The experi-
ments from Jorgensen et al. (2009) were conducted with similar electron donor concentration compared to
our sediment but using a low temperature of 9 °C compared to our experiments at room temperature (20 °C),
which can explain the lower denitriﬁcation rates. For sediments with similar electron donor concentrations
denitriﬁcation rates determined at ﬁeld scale are often lower (e.g., 0.016 (Böhlke et al., 2002), 0.97 mmol-N/
(L*a) (Korom et al., 2012)). This might be caused by a lower reactivity of the electron donors as, for example,
in Korom et al. (2012), other minerals than pyrite were consumed during denitriﬁcation.
4.2. Impact of Porosity
The high porosity value obtained from the tracer experiment indicated a very loose packing of the sediment.
After the experiment was ﬁnished and the column was opened, compaction of 5 cm (≈10% of the column)
was observed. This compaction might have occurred during the initial saturation or slowly over time. This
would suggest that the pore water velocity inside the sediment increased, since porosity decreased, which
should result in less denitriﬁcation and higher nitrate concentrations at the outﬂow, since there is less time
for denitriﬁcation. If porosity decreases from 0.54 to 0.44, the pore water velocity will increase by about
22% and the mean travel time through the sediment in the column will decrease by about 26%. However,
the impact on the model response was only small indicated by the obtained calibration ﬁt. An alternative
model geometry, which assumes that compaction occurred during saturation, was also tested but yielded
a slightly worse model calibration ﬁt than the model presented here.
4.3. SOC-DOC Transformation
Previous studies have shown that SOC is typically ﬁrst transformed to more reactive DOC, which is then oxi-
dized (Komada et al., 2012; Weston & Joye, 2005). In our model SOC oxidizes directly; this simpliﬁcation
assumes that SOC-DOC transformation is immediately followed by DOC oxidation, meaning free DOC does
not occur in signiﬁcant concentrations. The model ﬁts the data reasonably well for the heterotrophic phase,
indicating that this assumption holds true for our experiment. To avoid adding further processes without hav-
ing measurements the SOC-DOC transformation was neglected. This simpliﬁcation limits the model for sys-
tems where DOC oxidation is slower or inﬂow of DOC is signiﬁcant. However, the DOC oxidation kinetics
can be added similar to the SOC kinetics with an additional term for the transformation kinetics as given in
Wriedt and Rode (2006).
4.4. Electron Donor Limitation
The amount of TOC available for denitriﬁcation was very low, only about 0.5%, which can be regarded as typi-
cal for sediments, which are not in a zone with a high inﬂux of DOC-rich water like riparian or hyporheic zones
(Rivett et al., 2008). After the modeled time frame about 46% of the pyrite has been oxidized, but nitrate con-
centrations are again reaching high concentrations with the denitriﬁcation rate going further down. It is pos-
sible that the remaining pyrite surfaces are getting coated by iron hydroxides, which are insoluble at the
occurring pH of 8.2 ± 0.1. This could also explain some of the model misﬁts at the end of modeled time frame
when such a coating can be expected to be highest.
4.5. Natural Heterogeneity
In natural aquifer systems denitriﬁcation is often affected by heterogeneity due to different distributions of
hydraulic parameters or electron donor concentrations (e.g., Arora & Mohanty, 2017; Dwivedi et al., 2018).
An experimental setup with a homogenized sediment sample from one single layer of a borehole cannot
reﬂect these effects. However, our results can improve our understanding of processes in the (quasi-)homo-
geneous layers/zones, which can then be transferred into a 2-D/3-D model of heterogeneous systems. This
step-by-step approach is relevant as in natural heterogeneous systems; it is often difﬁcult to separate
between the effects of the not well-known heterogeneity or another kinetic process.
4.6. Microbial Growth
The growth of microorganisms in porous media can inﬂuence the hydraulic properties of the subsurface
through clogging of the pore space (e.g., Taylor & Jaffé, 1990). The effects can be expected to be strongest
when microbial concentrations are the highest, in our case around day 90 (see Figures 2 and 4). However,
the misﬁt between the measured and simulated sulfate concentration at this time cannot be explained by
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changes in hydraulic conductivity or porosity. In general, since the porosity of our sediment is high it is very
likely that the microbial growth has no signiﬁcant effect on the hydraulic properties of the sediment.
4.7. Further Sources of Organic Carbon
A source for organic carbon for heterotrophic denitriﬁcation that is not included in the model is the carbon of
the microbes, also called endogenous respiration. Rodríguez-Escales et al. (2014) have shown that the impor-
tance of endogenous respiration can vary relative to exogenous respiration with ethanol and glucose but
found that for the overall denitriﬁcation ﬂuxes endogenous respiration was insigniﬁcant. Since we obtained
no samples/measurements for total microbial or biomass concentration, the initial concentration can only be
assumed and we introduced a normalized concentration to avoid such an assumption. Since the assumed
value for the initial concentration would affect how much carbon would be stored in the microbial biomass,
the importance of endogenous respiration cannot be clearly shown with our data.
4.8. Nitrite Accumulation
Nitrite accumulates in our experiment for both heterotrophic and autolithotrophic denitriﬁcation, a phenom-
enon, which has been observed in a multitude of studies (e.g., Bosch et al., 2011; Carrey et al., 2013;
Mastrocicco et al., 2011; Parmentier et al., 2014). It was observed that the rates for nitrate and nitrite reduction
are affected differently by speciﬁc environmental conditions. Mastrocicco et al. (2011) observed in batch
experiments that nitrite reduction may be inhibited by the presence of nitrate when electron donors are lim-
ited due to a competitive advantage of nitrate. The same was observed in our experiment for heterotrophic
denitriﬁcation, where nitrite accumulated only when the bioavailable SOC was near depletion. For autolitho-
trophic denitriﬁcation, we observed that signiﬁcant nitrite accumulation occurred. Other studies (e.g.,
Jorgensen et al., 2009) did not observe nitrite accumulation during autolithotrophic denitriﬁcation. The differ-
ence might be due to differences in temperature, pH, or microbiological species (Rivett et al., 2008;
Vaclavkova et al., 2015). In Carrey et al. (2013) nitrate concentrations were always higher than nitrite concen-
trations with the exception of a short phase at the start of the experiment. In our experiments, nitrite was
never completely reduced after its accumulation began in contrast to nitrate. Our results show that nitrite
concentrations during autolithotrophic denitriﬁcation increased before nitrate concentrations increased
again. This shows that a nitrite breakthrough could precede a nitrate breakthrough at a drinking water well
downstream of a nitrate source. In drinking water, nitrite is more detrimental to human health than nitrate,
and thus, we recommend that water samples are always analyzed for nitrite as well.
4.9. Isotopes
Our results show that the measurements of N isotopes can help to identify changes in the denitriﬁcation
pathway, for example, from heterotrophic to autolithotrophic denitriﬁcation, especially if sulfate cannot be
used as an indicator. Future investigations should include detailed measurements of N isotopes so that an
improved reactive transport model can be developed that simulates the isotopic fractionation. This could
also give further insight on how isotopic fractionation is inﬂuenced by nitrite accumulation.
5. Conclusions
Our results show that denitriﬁcation rates drop signiﬁcantly before all electron donors are oxidized. For
organic carbon, only a fraction is bioavailable, depending on the geologic history and the inﬂow of DOC.
For pyrite, this is possibly caused by coating with insoluble iron(III)-hydroxides, but under different hydroche-
mical conditions, this might not occur. For the assessment of the denitriﬁcation potential of a sediment or an
aquifer, TOC for heterotrophic denitriﬁcation and CRS for autolithotrophic denitriﬁcation might be used, but
the geologic history of the sediment, the hydrochemistry, and the microbiology will have a signiﬁcant inﬂu-
ence on the amount, distribution, and availability of the electron donors for denitriﬁcation.
A temporal order of ﬁrst heterotrophic followed by autolithotrophic denitriﬁcation was observed under
steady state conditions, even though the maximum rates for autolithotrophic were higher. The preference
of the denitrifying microbes for organic carbon assumed in the model should be studied in future experi-
ments by an additional analysis of the microbial community (as, e.g., in Torrentó et al. 2011).
While our work investigates constant boundary conditions, natural systems are often highly transient and, for
example, the inﬂow of oxygen in a predominantly anoxic region, or a change of pH or temperature, might
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have profound inﬂuence on the denitriﬁcation potential, e.g., by remobilizing the coating around pyrite. Both
transient hydraulic and also transient geochemical conditions on the denitriﬁcation processes should be
investigated in further research.
The local sensitivity analysis has shown that in systems where a process precedes another, in our case hetero-
trophic before autolithotrophic denitriﬁcation, the parameter sensitivities of the ﬁrst process can be signiﬁ-
cantly higher than expected. Furthermore, signiﬁcant uncertainty contribution between parameters has
been found. Although we can theorize that additional measurements, for example, for the biomass concen-
tration, can reduce this effect.
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